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PREFACE

The purpose of this report is to present toxicological benchmarks for assessment of effects of
certain chemicals on mammalian and avian wildlife species. This work was performed under Work
Breakdown Structure 1.4.12.2.3.04.07.02 (Activity Data Sheet 8304, “Technical Integration™).
Publication of this document meets a milestone for the Environmental Restoration (ER) Risk
Assessment Program. This document provides the ER Program with toxicological benchmarks that
may be used as comparative tools in screening assessments as well as lines of evidence to support or
refute the presence of ecological effects in ecological risk assessments. The chemicals considered in
this report are some that occur at U.S. Department of Energy waste sites, and the wildlife species
evaluated herein were chosen because they are widely distributed and represent a range of body sizes
and diets.
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concerning contaminant effects on wildlife. Selected data from these sources are presented in tabular
form in Appendix C.

Pesticides were excluded from this compilation except for those considered to be likely
contaminants on DOE reservations, such as the persistent organochlorine compounds (e.g., chlordane,
DDT, endrin, etc.). Most of the available information on the effects of environmental contaminants
on wildlife pertains to agricultural pesticides and little to industrial and laboratory chemicals of
concern to DOE. Furthermore, the toxicity data that are available are often limited to severe effects
of acute exposures [e.g., concentration or dose levels causing 50% mortality to a test population (LC,
and LDg)].

Relatively few studies have determined safe exposure levels (NOAELSs) for situations in which
wildlife have been exposed over an entire lifetime or several generations. Consequently, for nearly
all wildlife species, a NOAEL for chronic exposures to a particular chemical must be estimated from
toxicity studies of the same chemical conducted on a different species of wildlife or on domestic or
laboratory animals or from less than ideal data (e.g., LD, values). In many cases, the only available
information is from studies on laboratory species (primarily rats and mice). These studies may be of
short-term or subchronic duration and may identify a lowest-observed-adverse-effect-level (LOAEL)
only and not a NOAEL. Estimating a NOAEL for a chronic exposure from such data can introduce
varying levels of uncertainty into the calculation (Sect. 3.2); however, such laboratory studies
represent a valuable resource whose use should be maximized.

Wildlife NOAELSs estimated from data on laboratory animals must be evaluated carefully while
considering the possible limitations of the data. Variations in physiological or biochemical factors
may exist among species; these factors may include uptake, metabolism, and disposition, which can
alter the potential toxicity of a contaminant to a particular species. Inbred laboratory strains may have
an unusual sensitivity or resistance to the tested compound. Behavioral and ecological parameters
(e.g., stress factors such as competition, seasonal changes in temperature or food availability, diseased
states, or exposure to other contaminants) may make a wildlife species' sensitivity to an environmental
contaminant different from that of a laboratory or domestic species.

Available studies on wildlife or laboratory species may not include evaluations of all significant
endpoints for determining long-term effects on natural populations. Important data that may be
lacking are potential effects on reproduction, development, and population dynamics following
multigeneration exposures. In this report, endpoints such as reproductive and developmental toxicity
and reduced survival were used whenever possible; however, for some contaminants, limitations in
the available data necessitated the use of endpoints such as organ-specific toxic effects. It should be
emphasized that in such cases the resulting benchmarks represent conservative values whose
relationships to potential population level effects are uncertain. These benchmarks will be recalculated
if and when more appropriate toxicity data become available.

If fewer steps are involved in the extrapolation process, then the uncertainty in estimating the
wildlife NOAEL will be lower. For example, extrapolating from a NOAEL for an appropriate toxic
endpoint (i.e., reproductive or population effects) for white laboratory mice to white-footed mice that
are relatively closely related and of comparable body size would have a high level of reliability.
Conversely, extrapolating from a LOAEL for organ-specific toxicity (e.g., liver or kidney damage)
in laboratory mice to a nonrodent wildlife species such as mink or fox would have a low level of
reliability in predicting population effects among these species. Because of the differences in avian
and mammalian physiology and to reduce extrapolation uncertainty, studies performed on mammalian
test species are used exclusively to estimate NOAELSs for mammalian wildlife, and studies performed
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on avian test species are used exclusively to estimate NOAELs for avian wildlife; interclass
extrapolations were not performed for this document.

In this report, benchmarks for mammalian species of wildlife have been estimated from studies
conducted primarily on laboratory rodents, and benchmarks for avian species have been estimated
from studies on domestic and wild birds. Few experimental toxicity data are available for other groups
of wildlife such as reptiles and amphibians, and it is not considered appropriate to apply benchmarks
across different groups. Models for such wildlife extrapolations have not been developed as they have
for aquatic biota (Suter 1993).

3. METHODOLOGY

The general method used in this report is one based on EPA methodology for deriving human
toxicity values from animal data (EPA 1992, 1995). For this report, experimentally derived NOAELSs
or LOAELSs were used to estimate NOAELSs for wildlife by adjusting the dose according to differences
in body size. The concentrations of the contaminant in the wildlife species' food or drinking water that
would be equivalent to the NOAEL were then estimated from the species' rate of food consumption
and water intake. For wildlife species that feed primarily on aquatic organisms, a benchmark that
combines exposure through both food and water is calculated based on the potential of the
contaminant to bioconcentrate and bioaccumulate through the food chain.

NOAELs and LOAELs for mammals and domestic and wild birds were obtained from the
primary literature, EPA review documents, and secondary sources such as the Registry of Toxic
Effects of Chemical Substances and the Integrated Risk Information System (IRIS) (EPA 1994).
Appendix A provides a brief description of these studies and discusses the rationale for their use in
deriving benchmarks. The selection of a particular study and a particular toxicity endpoint and the
identification of NOAELSs and LOAELSs were based on an evaluation of the data. Emphasis was placed
on those studies in which reproductive and developmental endpoints were considered (endpoints that
may be directly related to potential population-level effects), multiple exposure levels were
investigated, and the reported results were evaluated statistically to identify significant differences
from control values. It is recognized that other interpretations of the same data may be possible and
that future research may provide more comprehensive data from which benchmarks might be derived.
Therefore, it is anticipated that the development of these screening benchmarks will be an ongoing
process, and consequently, the values presented in this report are subject to change.

3.1 ESTIMATING NOAELS AND LOAELS FOR WILDLIFE

NOAELs and LOAELSs are daily dose levels normalized to the body weight of the test animals
(e.g., milligrams of chemical per kilogram body weight per day). The presentation of toxicity data on
a mg/kg/day basis allows comparisons across tests and across species with appropriate consideration
for differences in body size. Studies have shown that numerous physiological functions such as
metabolic rates, as well as responses to toxic chemicals, are a function of body size. Smaller animals
have higher metabolic rates and usually are more resistant to toxic chemicals because of more rapid
rates of detoxification. (However, this may not be true if the toxic effects of the compound are
produced primarily by a metabolite). For mammals, it has been shown that this relationship is best
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expressed in terms of body weight (bw) raised to the 3/4 power (bw**) (Travis and White 1988,
Travis et al. 1990, EPA 1992a). If the dose (d) has been calculated in terms of unit body weight
(i.e., mg/kg), then the metabolic rate-based dose (D) equates to:

_ d x bw

D — = d x bw*. (1)

bw

The assumption is that the dose per body surface area (Eq. 1) for species “a” and “b” would be
equivalent:

d, x bw;’ =d, x bwb%. (2)

Therefore, knowing the body weights of two species and the dose (d,) producing a given effect in
species “b,” the dose (d,) producing the same effect in species “a” can be determined:

d - d bwb%’_d bwb%
a = bxm‘ b X bw, . 3)

a

If a NOAEL (or LOAEL) is available for a mammalian test species (NOAEL,), then the
equivalent NOAEL (or LOAEL) for a mammalian wildlife species (NOAEL,,) can be calculated by
using the adjustment factor for differences in body size:

bw, B
—) : 4)

NOAEL, - NOAEL, |
WW

Recent research suggests that physiological scaling factors developed for mammals may not be
appropriate for interspecies extrapolation among birds. Mineau et al. (1996) developed body weight-
based scaling factors for birds using LC., data for 37 pesticides. Scaling factors ranged from 0.63 to
1.55 with a mean of 1.15. However, scaling factors for the majority of the chemicals evaluated (29
of 37) were not significantly different from 1. A scaling factor of 1 was therefore considered most
appropriate for interspecies extrapolation among birds. If the dose (d) itself has been calculated in
terms of unit body weight (i.e., mg/kg), then the extrapolated dose (D) equates to:

d x bw
= — = d x bw". (5)

D
bw

For birds, if a NOAEL was available for an avian test species (NOAEL,), the equivalent NOAEL
for an avian wildlife species (NOAEL,) would be calculated by using the adjustment factor for
differences in body size:

bw.

w

0
bw,
NOAEL,, = NOAEL, {_‘) = NOAEL, (1) = NOAEL, (6)
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EPA uses this scaling methodology in carcinogenicity assessments and reportable quantity
documents for adjusting from animal data to an equivalent human dose (EPA 1992). The same
approach has also been proposed for use in extrapolating from one animal species to another as part
of the Great Lakes Water Quality Initiative (EPA 1995).

The ideal data set to use in the calculation would be the actual average body weights of the test
animals used in the bioassay. When this information is not available, standard reference body weights
for laboratory species can be used as indicated previously (EPA 1985a; see Table 1). Body weight
data for wildlife species are available from several secondary sources (i.e., the Mammalian Species
series, published by the American Society of Mammalogists, Burt and Grosseneider 1976, Dunning
1984, Dunning 1993, Silva and Downing 1995, Whitaker 1980). Often, only a range of adult body
weight values is available for a species, in which case an average value must be estimated. A time-
weighted average body weight for the entire life span of a species would be the most appropriate data
set to use for chronic exposure situations; however, such data usually are not available. Body weight
of a species can vary geographically, as well as by sex. Sex-specific data may be needed depending
on the toxicity endpoints used. Body weight data for the mammalian wildlife species considered in
this report are given in Table 1.

Table 1. Reference values for mammalian species

Body weight Food intake Food factor? Water intake Water factor®

Species (kg) (kg/day) f (L/day)™ ®

rat 0.35° 0.028° 0.08 0.046° 0.13
mouse 0.03° 0.0055° 0.18 0.0075° 0.25
rabbit 3.8° 0.135¢ 0.034 0.268° 0.070
dog 12.7° 0.301¢ 0.024 0.652° 0.051
short-tailed shrew 0.015 0.009' 0.6 0.0033' 0.22
meadow vole 0.044' 0.005 0.114 0.006° 0.136
white-footed mouse 0.022 0.0034' 0.155 0.0066" 0.3

cotton rat 0.15 0.010" 0.07 0.018° 0.12
cottontail rabbit 1.2° 0.237" 0.198 0.116° 0.013
mink 1.0° 0.137" 0.137 0.099° 0.099
red fox 45 0.45° 0.1 0.38° 0.084
whitetail deer 56.5' 1.74° 0.031 3.79 0.065

® The food factor is the daily food intake divided by the body weight.

® The water factor is the daily water intake divided by the body weight.
¢ EPA reference values (EPA 1985a).

4 Calculated using reference body weight and Eq. 10.

¢ Calculated using reference body weight and Eq. 21.

f'See Appendix B for data source.

9 Calculated according to Calder and Braun, 1983; see Eq. 24.

" Calculated using Eq. 14.

3.2 DERIVING A CHRONIC NOAEL FROM OTHER ENDPOINTS

In cases where a NOAEL for a specific chemical is not available for either wildlife or laboratory
species, but a LOAEL has been determined experimentally, the NOAEL can be estimated by applying
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an uncertainty factor (UF) to the LOAEL. In the EPA methodology (EPA 1995), the LOAEL can be
reduced by a factor of up to 10 to derive the NOAEL.

LOAEL (7)
<10

NOAEL =

Although a factor of 10 is usually used in the calculation, the true NOAEL may be only slightly
lower than the experimental LOAEL, particularly if the observed effect is of low severity. A thorough
analysis of the available data for the dose-response function may reveal whether a LOAEL to NOAEL
uncertainty factor of <10 should be used. No data were found for any of the contaminants considered
suggesting the use of a LOAEL-NOAEL adjustment factor of <10.

If the only available data consist of a NOAEL (or a LOAEL) for a subchronic exposure, then the
equivalent NOAEL or LOAEL for a chronic exposure can be estimated by applying a UF of < 10
(EPA 1995):

subchronic NOAEL

chronic NOAEL =
<10 ®)

EPA has no clear guidance on the dividing line between a subchronic exposure and a chronic
exposure. For studies on laboratory rodents, EPA generally accepts a 90-day exposure duration as a
standard for a subchronic exposure. In the technical support for the Great Lakes Water Initiative
Wildlife Criteria, EPA (1995) indicates that a chronic exposure would be equivalent to at least 50%
of a species' lifespan. Since most of the NOAELS and LOAELS available for calculated benchmarks
for mammalian wildlife are from studies on laboratory rodents (with lifespans of approximately
2 years), 1 year has been selected as the minimum required exposure duration for a chronic exposure
(approximately one-half of the lifespan). Little information is available concerning the lifespans of
birds used in toxicity tests, and little standardization of study duration for avian toxicity tests has been
conducted. In addition, few long-term, multigeneration avian toxicity tests have been performed.
Therefore, avian studies where exposure duration was 10 weeks or less were considered to be
subchronic, and those where the exposure duration was greater than 10 weeks were considered chronic
studies.

In addition to duration of exposure, the time when contaminant exposure occurs is critical.
Reproduction is a particularly sensitive lifestage due to the stressed condition of the adults and the
rapid growth and differentiation occurring within the embryo. For many species, contaminant
exposure of a few days to as little as a few hours during gestation and embryo development may
produce severe adverse effects. Because these benchmarks are intended to evaluate the potential for
adverse effects on wildlife populations and impaired reproduction is likely to affect populations,
contaminant exposures that are less than one year or 10 weeks, but occur during reproduction, were
considered to represent chronic exposures.

If the available data are limited to acute toxicity endpoints [frank-effects level (FEL)] or to
exposure levels associated with lethal effects (LD,S), the estimation of NOAELs for chronic
exposures are likely to have a wide margin of error because no standardized mathematical correlation
exists between FEL or LD, values and NOAELSs that can routinely be applied to all chemicals (i.e.,
exposure levels associated with NOAELs may range from 1/10 to 1/10,000 of the acutely toxic dose,
depending on the chemical and species). However, if both an LD., and a NOAEL have been
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determined for a related chemical a, then this ratio could be used to estimate a NOAEL,, using the
(LDsy),, for the compound of interest.

NOAEL_ = (LD, NOAEL,
W = W TN Y 9
s "Dy, )

3.3 NOAEL EQUIVALENT CONCENTRATION IN FOOD

The dietary level or concentration in food (C;, in mg/kg food) of a contaminant that would result
in a dose equivalent to the NOAEL or LOAEL (assuming no exposure through other environmental
media) can be calculated from the food factor f:

NOAEL,,
Pt (10)

The food factor, f, is the amount of food consumed (F, in g/day or kg/day) per unit body weight
(bw, in g or kg):

f=—. (11)

In the absence of empirical data, rates of food consumption (F, in kg/day) for laboratory
mammals can be estimated from allometric regression models based on body weight (in kg)
(EPA 1988a):

F = 0.056(bw)*%®!! (laboratory mammals). (12)
F = 0.054(bw)***! (moist diet). (13)
F = 0.049(bw)*%%7 (dry diet). (14)

In the absence of specific information on the body weights of the test animals, EPA (1985a) uses
default values (see Table 1). In this report, F was estimated using Eg. 10 and the default body weights.
Reference body weights for particular strains of laboratory animals and for specific age groups
corresponding to subchronic or chronic exposures are available (EPA 1988a), and these can also be
used in the equations. Default values for food consumption and food factors for common laboratory
species (rats, mice, dogs, rabbits, etc.) have also been used by EPA (1988b) for estimating equivalent
dose levels for laboratory studies in which the exposure is reported only as a dietary concentration.
Generally, the rates of food consumption for laboratory species, as derived from Eqs. 10-12, are
higher then the EPA default values.
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Food consumption rates are available for some species of wildlife (EPA 1993a, 1993b; Table 1).
In the absence of experimental data, F values (g/day) can be estimated from allometric regression
models based on metabolic rate and expressed in terms of body weight (g) (Nagy 1987):

F = 0.235(bw)*%?? (placental mammals). (15)
F = 0.621(bw)*>** (rodents). (16)

F = 0.577(bw)*7?" (herbivores). (17)

F = 0.492(bw)*¢7* (marsupials). (18)

F = 0.648(bw)"5  (birds). (19)

F = 0.398(bw)*®? (passerine birds). (20)

It should be noted that F values estimated using these allometric equations are expressed as g/day
dry weight. Because wildlife do not consume dry food, these estimates must be adjusted to account
for the water content of food. Water contents of selected wildlife foods are given in the Wildlife
Exposures Factors Handbook (EPA 1993a).

3.4 NOAEL EQUIVALENT CONCENTRATION IN DRINKING WATER

The concentration of the contaminant in the drinking water of an animal (C,,, in mg/L) resulting
in a dose equivalent to a NOAEL,, or LOAEL,, can be calculated from the daily water consumption
rate (W, in L/day) and the average body weight (bw,,) for the species:

B NOAEL  x bw,,
w W °

21

If known, the water factor w [= the rate of water consumption per unit body weight (W/bw)] can
be used in a manner identical to that for the food factor:

NOAEL,,

w

(22)
W

If empirical data are not available, W (in L/day) can be estimated from allometric regression
models based on body weight (in kg) (EPA 1988a):

W = 0.10(bw)*7*”7 (laboratory mammals). (23)



W = 0.009(bw)!?***  (mammals, moist diet). (24)

W = 0.093(bw)’78%  (mammals, dry diet). (25)

In the absence of specific information on the body weights of the test animals, EPA (1985a) uses
default values (see Table 1). In this report, W was estimated using Eg. 21 and the default body
weights. Reference body weights for particular strains of laboratory animals and for specific age
groups corresponding to subchronic or chronic exposures are available (EPA 1988a), and these can
also be used in the equations. Default values for water consumption and w for common laboratory
species have been used by EPA (1988b) for estimating equivalent dose levels for laboratory studies
in which the exposure was given only as a concentration in the animals' drinking water. Generally,
the rates of water consumption for laboratory species, as derived from Eqs. 21-23, are higher than the
EPA default values.

Water consumption rates are available for some species of mammalian wildlife (Table 1). Water
consumption rates (in L/day) can also be estimated from allometric regression models based on body
weight (in kg) (Calder and Braun 1983):

W = 0.099(bw)*° (26)
A similar model has also been developed for birds (Calder and Braun 1983):

W = 0.059(bw)"* 27)

3.5 COMBINED FOOD AND WATER BENCHMARKS FOR PISCIVOROUS WILDLIFE

If a wildlife species (such as mink, river otter, belted kingfisher, great blue heron, or osprey)
feeds primarily on aquatic organisms and the concentration of the contaminant in the food is
proportional to the concentration in the water, then the food consumption rate (F, in kg/day) and the
aquatic life bioaccumulation factor can be used to derive a C,, value that incorporates both water and
food consumption (EPA 1995a, 1995b, 1995c):

NOAEL_, x bw,
C, = (28)
W + (F x BAF)

The bioaccumulation factor (BAF) is the ratio of the concentration of a contaminant in tissue
(mg/kg) to its concentration in water (mg/L), where both the organism and its prey are exposed, and
is expressed as L/kg. BAFs may be predicted by multiplying the bioconcentration factor for the
contaminant [bioconcentration factor (BCF), ratio of concentration in food to concentration in water;
i.e., (mg/kg)/(mg/L) = L/kg] by the appropriate food chain multiplying factor (FCM) (see Table 2).
For most inorganic compounds, BCFs and BAFs are assumed to equal; however, an FCM may be
applicable for some metals if the organometallic form biomagnifies (EPA 1995c¢).
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Table 2. Aquatic food chain multiplying factors?

Prey Trophic Level”

Log P_. 2 3 4

2 1 1.005 1
2.5 1 1.01 1.002
3 1 1.028 1.007
3.1 1 1.034 1.007
3.2 1 1.042 1.009
3.3 1 1.053 1.012
34 1 1.067 1.014
35 1 1.083 1.019
3.6 1 1.103 1.023
3.7 1 1.128 1.033
3.8 1 1.161 1.042
3.9 1 1.202 1.054
4 1 1.253 1.072
4.1 1 1.315 1.096
4.2 1 1.38 1.13
4.3 1 1.491 1.178
4.4 1 1.614 1.242
4.5 1 1.766 1.334
4.6 1 1.95 1.459
4.7 1 2.175 1.633
4.8 1 2.452 1.871
4.9 1 2.78 2.193
5 1 3.181 2.612
5.1 1 3.643 3.162
5.2 1 4.188 3.873
5.3 1 4.803 4.742
54 1 5.502 5.821
55 1 6.266 7.079
5.6 1 7.096 8.551
5.7 1 7.962 10.209
5.8 1 8.841 12.05
5.9 1 9.716 13.964
6 1 10.556 15.996
6.1 1 11.337 17.783
6.2 1 12.064 19.907
6.3 1 12.691 21.677
6.4 1 13.228 23.281
6.5 1 13.662 24.604
6.6 1 13.98 25.645
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Table 2. (continued)

Prey Trophic Level®

Log P_. 2 3 4
6.7 1 14.223 26.363
6.8 1 14.355 26.669
6.9 1 14.388 26.669
7 1 14.305 26.242
7.1 1 14.142 25.468
7.2 1 13.852 24.322
7.3 1 13.474 22.856
7.4 1 12.987 21.038
7.5 1 21.517 18.967
7.6 1 11.708 16.749
7.7 1 10.914 14.388
7.8 1 10.069 12.05
7.9 1 9.162 9.84
8 1 8.222 7.798
8.1 1 7.278 6.012
8.2 1 6.361 4,519
8.3 1 5.489 3.311
8.4 1 4.683 2.371
8.5 1 3.949 1.663
8.6 1 3.296 1.146
8.7 1 2.732 0.778
8.8 1 2.246 0.521
8.9 1 1.837 0.345
9 1 1.493 0.226

®From EPA 1993c.
"Trophic level: 2 = zooplankton; 3 = small fish; 4 = piscivorous fish, including top predators.

In cases where the BCF for a particular compound is not available, it can be estimated from the
octanol-water partition coefficient of the compound by the following relationship (Lyman et al. 1982):

log BCF = 0.76 log P, - 0.23. (29)

t

The BCF can also be estimated from the water solubility of a compound by the following
regression equation (Lyman et al. 1982):

log BCF = 2.791 - 0.564 log WS (30)

where WS is the water solubility in mg/L water.

Log P, values, reported or calculated BCF values, and estimated BAF values for chemicals for
which benchmarks have been derived are included on Table 3. Reported BCFs represent the maximum
value listed for fish. An FCM of 1 was applied to all reported BCFs for inorganic compounds
(EPA 1993c). Mink, belted kingfisher, great blue heron, and osprey consume 100% trophic level 3
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fish (EPA 1995d); the trophic level 3 FCM appropriate for the log P, of the chemical was applied as
appropriate. River otter were assumed to consume 80% trophic level 3 and 20% trophic level for fish
(EPA 1995d). To calculate the final piscivore benchmark for river otter, the level 3 BAF was applied
to 80% of the diet, and the level 4 BAF was applied to the remaining 20%.

Table 3. Octanol-water partition coefficients, bioconcentration factors, and bioaccumulation factors for
selected chemicals

Chemical Log P, BCF Trophic Trophic Trophic Trophic Source”
and Form Level 3 Level 3 Level 4 Level 4
FCM BAF FCM BAF
Acetone -0.24 0.39* 1 0.39 1 0.39 EPA 1995e
Aldrin 6.5 51286.14° 13.662 700671.22 24.604 1261844.15 EPA 1995e
Aluminum 231 1 231.00 1 231.00 EPA 1988c
Antimony 1 1 1.00 1 1.00 EPA 1980b
Aroclor 1016 5.6 10616.96° 7.096  75337.92 8.551 9078559  ATSDR 1989
Aroclor 1242 5.6 10616.96° 7.096  75337.92 8.551 9078559  ATSDR 1989
Aroclor 1248 6.2 30338.91° 12.064 366008.63 19.907 603956.72  ATSDR 1989
Aroclor 1254 6.5 51286.14° 13.662 1850000.00 24.604 6224000.00 ATSDR 1989,
EPA 1995b°
Avrsenic (arsenite) 17.00 1 17.00 1 17.00 EPA 1984g
Benzene 2.13 24.48° 1.005 24.60 1 24.48 EPA 1995e
beta-BHC 3.81 463.02° 1.161 537.56 1.042 482.47 EPA 1995e
BHC-mixed isomers 5.89 17636.00° 9.716 171351.34 13.964  246269.05 EPA 1995e
Benzo(a)pyrene 6.11  25917.91° 11.337 293831.36 17.783  460898.22 EPA 1995e
Beryllium 19.00 1 19.00 1 19.00 EPA 1980c
Bis(2-ethylhexyl) 7.3 207969.67° 13.747 2858959.04 22.856 4753354.75 EPA 1995e
phthalate
Cadmium 12400.00 1 12400.00 1 12400.00 EPA 1984f
Carbon Tetrachloride 2.73 69.95% 1.01 70.65 1.002 70.09 EPA 1995e
Chlordane 6.32  37428.29° 12.691 475002.44 21.677 811333.07 EPA 1995e
Chlordecone (kepone) 5.3 6280.58° 4803  30165.64 4742 29782.53 EPA 1995e
Chloroform 1.92 16.95° 1.005 17.04 1 16.95 EPA 1995e
Chromium (Cr+6) 3.00 1 3.00 1 3.00 EPA 1985d
Copper 290.00 1 290.00 1 290.00 EPA 1985e
o0-Cresol 1.99 19.16° 1.005 19.26 1 19.16 EPA 1995e
Cyanide 0.00 1 0.00 1 0.00 EPA 1985¢c
DDT 6.53  54050.54° 13.662 1336000.00 24.604 3706000.00 EPA 1995e,
(and metabolites) EPA 1995b°
1,2-Dichloroethane 1.47 7.71% 1 7.71 1 7.71 EPA 1995e
1,1-Dichloroethylene 2.13 24.48° 1.005 24.60 1 24.48 EPA 1995e
1,2-Dichloroethylene 1.86 15.26% 1.006 15.35 1 15.26 EPA 1995e
Dieldrin 5.37 7099.05% 7.962  56522.61 10.209  72474.16 EPA 1995e
Diethylphthalate 25 46.77° 1.01 47.24 1.002 46.87 EPA 1995e
Di-n-butyl phthalate 4.61 1877.59* 1.95 3661.29 1.459 2739.40 EPA 1995e
1,4-Dioxane -0.39 0.30% 1 0.30 1 0.30 EPA 1995e
Endosulfan 4.1 769.13% 1.315 1011.41 1.096 842.97 EPA 1995e
Endrin 5.06 4126.67° 3.643  15033.47 3.162 13048.54 EPA 1995e

Ethanol -0.31 0.34° 1 0.34 1 0.34 EPA 1992b
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Chemical Log P, BCF Trophic Trophic Trophic Trophic Source”
and Form Level 3 Level 3 Level 4 Level 4
FCM BAF FCM BAF
Ethyl Acetate 0.69 1.97% 1 1.97 1 1.97 EPA 1995e
Formaldehyde -0.05 0.54% 1 0.54 1 0.54 EPA 1995e
Heptachlor 6.26  33697.68° 12.691 427657.26 21.677 730464.61 EPA 1995e
Lead 45.00 1 45.00 1 45.00 EPA 1985b
Lindane 3.73 402.53¢ 1.128 454.06 1.033 415.82 EPA 1995e
(Gamma-BHC)
Mercury (Methyl 27900.00 140000.00 EPA 1995b°
Mercury Chloride)
Methanol -0.71 0.17% 1 0.17 1 0.17 EPA 1995e
Methoxychlor 5.08 4273.66° 3.643  15568.94 3.162 13513.31 EPA 1995e
Methylene Chloride 1.25 5.25% 1 5.25 1 5.25 EPA 1995e
Methyl Ethyl Ketone 0.28 0.96° 1 0.96 1 0.96 EPA 1995e
4-Methyl 2-Pentanone 1.19 473 1 4.73 1 4.73 EPA 1992b
Nickel 106.00 1 106.00 1 106.00 EPA 1986f
Pentachloro- 4.64 1978.79° 1.95 3858.64 1.459 2887.06 EPA 1995e
nitrobenzene
Pentachlorophenol 5.09 1000.00* 3.643 3643.00 3.162 3162.00 EPA 1995e
Selenium 2600.00 6800.00 Peterson and
Nebeker 1992°
2,3,7,8-Tetrachloro- 6.53  54050.54° 13.662 172100.00 24.604  264100.00 EPA 1995e,
Dibenzodioxin EPA 1995b°
1,1,2,2-Tetrachloro- 2.67 62.98° 1.01 63.61 1.002 63.11 EPA 1995e
ethylene
Thallium 34.00 1 34.00 1 34.00 EPA 1980d
Toluene 2.75 72.44° 1.028 74.47 1.007 72.95 EPA 1995e
Toxaphene 55 8912.51° 6.266  55845.78 7.079  63091.65 EPA 1995e
1,1,1-Trichloroethane 2.48 45.16° 1.01 45.62 1.002 45.26 EPA 1995e
Trichloroethylene 2.71 67.55% 1.01 68.22 1.002 67.68 EPA 1995e
Vinyl Chloride 15 8.13% 1 8.13 1 8.13 EPA 1995e
Xylene 3.2 159.22° 1.042 165.91 1.009 160.65 EPA 1995e
(mixed isomers)
Zinc 966.00 1 966.00 1 966.00 EPA 1987

# Values estimated using Eq. 29
P Citation for P, values unless otherwise noted.

oct

2 Source for BAF values.

4. APPLICATION OF THE METHODOLOGY

This chapter will present two examples that illustrate the application of the methodology for
deriving NOAELSs and screening benchmarks. In one example (inorganic trivalent arsenic), the
estimated values were derived primarily from data on laboratory species. In the second example
[Aroclor 1254, a polychlorinated biphenyl (PCB)], experimental data were available for two species
of mammalian wildlife. While the examples focus on mammals, derivation of NOAELSs and screening
benchmarks for birds is performed in an identical manner.
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4.1 INORGANIC TRIVALENT ARSENIC

The toxicity of inorganic compounds containing arsenic depends on the valence or oxidation
state of the arsenic as well as on the physical and chemical properties of the compound in which it
occurs. Trivalent (As™) compounds such as arsenic trioxide (As,O,), arsenic trisulfide (As,S,), and
sodium arsenite (NaAsO,), are generally more toxic than pentavalent (As*) compounds such as
arsenic pentoxide (As,O;), sodium arsenate (Na,HAsO,), and calcium arsenate [Ca,(AsO,),]. The
relative toxicity of the trivalent and pentavalent forms may also be affected by factors such as water
solubility; the more toxic compounds are generally more water soluble. In this analysis, the effects
of the trivalent form of arsenic in water soluble inorganic compounds will be evaluated. In many
cases, only total arsenic concentrations are reported so the assessor must assume conservatively that
itis all trivalent.

4.1.1 Toxicity to Wildlife

The only wildlife toxicity information available for trivalent inorganic arsenic compounds
pertains to acute exposures (Table 4; the values listed are those reported in the literature except where
noted).

For whitetail deer, the estimated lethal dose is 34 mg sodium arsenite/kg or 19.5 mg arsenic/kg
(NAS 1977). For birds, estimated LD, values for sodium arsenite range from 47.6 to 386 mg/kg body
weight. Median lethality was also reported at a dietary level of 500 mg/kg food for mallard ducks. No
information was found in the available literature regarding chronic toxicity or reproductive or
developmental effects.

4.1.2 Toxicity to Domestic Animals

The toxicity of inorganic trivalent arsenic to domestic animals is summarized in Table 5 (the
values listed are those given in the source). For assessment purposes, the most useful study is the one
identifying a dietary NOAEL of 50 ppm arsenic in dogs following a 2-year exposure to sodium
arsenite. This dietary concentration was estimated to be equivalent to 1.2 mg/kg bw/day.

4.1.3 Toxicity to Laboratory Animals (Rodents)

Selected acute and chronic toxicity data for trivalent arsenic in rats and mice are summarized in
Table 6 (dietary or drinking water concentrations were converted to daily dose levels using reference
body weights and Eqgs. 12 and 23). For assessment purposes, the studies of Byron et al. (1967) and
Schroeder and Mitchener (1971) provide the most useful data. In the study of Bryon et al. (1967), a
dietary concentration of 62.5 ppm arsenic for 2 years caused no adverse effects in rats other than a
slight reduction in growth of females. This dietary level, which can be considered a NOAEL, is
equivalent to a daily dose of 5 mg arsenic/kg bw/day. In the Schroeder and Mitchener study (1971),
a concentration of 5 mg arsenic/L in the drinking water of mice over three generations was associated
with a decrease in litter size and therefore is considered a potential population level LOAEL. The
equivalent dose was estimated to be 1.26 mg/kg bw/day; therefore, using Eq. 5, the NOAEL is
estimated to be 0.126 mg/kg bw/day.
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Table 4. Toxicity of trivalent arsenic compounds to wildlife?

Conc. in Diet Dose
Species Chemical (mg/kg food) (mg/kg) Effect Reference

Whitetail deer sodium NR 34 Lethal dose NAS 1977
(Odocoileus virginianus) arsenite
Mallard duck sodium NR 323 LD, NAS 1977
(Anas platyrhynchos) arsenite (single dose)

sodium 500 NR 32-day LD, NAS 1977

arsenite
California quail sodium NR 47.6 LD, Hudson et al. 1984
(Callipepla californica) arsenite
Ring-necked pheasant sodium NR 386 LD, Hudson et al. 1984
(Phasianus col chicus) arsenite (single dose)

2 Source of data and references: Eisler 1988.
NR. Not reported.

Table 5. Toxicity of trivalent arsenic compounds to domestic animals®

Chemical

Conc. in Diet®

Species or Water® Dose’ Effect Reference
Cattle arsenic trioxide NR 33-55 mg/kg toxic Robertson
(single dose) etal. 1984
sodium arsenite NR 1-4 g/animal lethal NRCC 1978
Sheep sodium arsenite NR 5-12 mg/kg acutely toxic NRCC 1978
(single dose)
"total arsenic" 58 mg As/kg food  NR no adverse Woolson
(3 wk) effects 1975
Horse sodium arsenite NR 2-6 mg/kg/day lethal NRCC 1978
(14 wk)
Pig sodium arsenite 500 mg As/L 100-200 mg/kg lethal NAS 1977
Cat arsenite NR 1.5 mg/kg/day chronic toxic ~ Pershagen
effects and Vahter
1979
Dog sodium arsenite NR 50-150 lethal NRCC 1978
mg/animal
sodium arsenite 125 mg As/kg 3.0mg reduced Byron et al.
food (2 year) As/kg/day® survival 1967
sodium arsenite 50 mg As/kg food 1.2 mg NOAEL Byron et al.
(2 year) As/kg/day® 1967
sodium arsenite NR 4 mg/kg/day LOAEL,; liver  Neiger and
(58 days) enzyme Osweiler
+ 8 mg/kg changes 1989

(125 days)
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Table 5. (continued)

Conc. in Diet®

Species Chemical or Water® Dose’ Effect Reference
Mammals arsenic trioxide NR 3-250 mg/kg lethal NAS 1977
Mammals sodium arsenite NR 1-25 mg/kg lethal NAS 1977
Chicken arsenite NR 0.01-1.0 ug <34% dead NRCC 1978
(Gallus gallus) As/embryo

arsenite NR 0.03-0.3 ug malform. NRCC 1978
As/embryo
& Sources of data and references: USAF 1990; Eisler 1988. NR
® Dietary level given as mg/kg food.
¢ Concentration in water given as mg/L.
4 Dose, in mg/kg bw/day, refers to compound unless otherwise stated.
¢ Calculated using body weight of 12.7 kg and Egs. 12, 13, and 14.
Not reported.
Table 6. Toxicity of trivalent arsenic compounds to laboratory animals
Conc. in Diet* Dose
Species Chemical or Water” (mg As/kg) Effect Reference
Rat arsenic trioxide NR 15.1 (1 dose) LD, Harrison et al. 1958
sodium arsenite 125 mg As/kg food (2 10° FEL, bile duct Byron et al. 1967
year) enlargement
sodium arsenite 62.5 mg As/kg food 5° reduced growth in Byron et al. 1967
(2 year) females; no effect on
survival
sodium arsenite 31.25 mg As/kg food  2.5° NOAEL Byron et al. 1967
(2 year)
sodium arsenite 5 mg As/L 0.65¢ NOAEL Schroeder et al. 1968a
(lifetime)
Mouse arsenic trioxide NR 39.4 (1 dose) LD, Harrison et al. 1958
sodium arsenite NR a. 23 (1 dose) a. Fetal mortality Baxley et al. 1981
b. 11.5 (1 dose) b. NOAEL
arsenic trioxide 75.8 mg As/L 18.95¢ LOAEL; mild Baroni et al. 1963
(lifetime) hyperkeratosis/epi-
dermal hyperplasia
soluble arsenite 5mg As/L + 1.26°%¢ LOAEL; incr. in male  Schroeder and
0.06 mg As/kg food to female ratio; decr. ~ Mitchener 1971

(3 generations)

in litter size
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Table 6. (continued)

Conc. in Diet* Dose
Species Chemical or Water” (mg As/kg) Effect Reference
sodium arsenite 5mg As/L + 0.44%¢ LOAEL; slight decr. Schroeder and Balassa,
0.46 mg As/kg food in median life span; 1967
(lifetime) no effect on growth
sodium arsenite 0.5 mg As/L 0.125¢ LOAEL,; Blakely et al. 1980
(3 weeks) immunosuppressive

effects

? Dietary level in mg/kg food.

® Concentration in water given as mg/L.

¢ Estimated using reference body weight (see Table 1) and Egs. 12, 13, and 14.
¢ Estimated using reference body weight (see Table 1) and Eqs. 23, 24 and 25.

4.1.4 Extrapolations to Wildlife Species

Estimates of benchmarks for wildlife are shown in Table 7, and the values derived from
laboratory studies are shaded. The NOAELSs for dose (mg/kg bw/day) were estimated using Eq. 4.
Concentrations in food (C,) equivalent to the NOAEL were calculated using the food factors listed in
Table 1 and Eq. 10. Similarly, concentrations in water (C,) equivalent to the NOAELSs were estimated
from the water factors given in Table 1 and Eq. 22.

Three of the toxicity values listed in Tables 5 and 6 were used to estimate benchmarks for
wildlife, the drinking water LOAEL of 5 mg/L for mice (Schroeder and Mitchener 1971), the dietary
NOAEL of 62.5 ppm for rats (Byron et al. 1967), and a dietary NOAEL of 50 ppm for dogs (Bryon et
al. 1967). These values were used to estimate NOAELSs, C,, and C,, for the white-footed mouse, cotton
rat, red fox, and whitetail deer (Table 7).

As expected, benchmarks derived from related species are similar because of similarities in body
weight and food and water consumption. Wildlife benchmarks derived from the mouse study are
substantially lower than the corresponding NOAELSs, Css, and C,s derived from the rat or dog studies.
These differences may be have several explanations. For example, mice may be unusually sensitive
to trivalent arsenic; however, the LD, data for rats and mice suggest a similar level of tolerance. The
mouse study was a three-generation bioassay in which reproductive effects (reduced litter size) were
identified. Although both the rat and dog studies involved chronic exposure durations, neither
evaluated potential reproductive effects. Therefore, it is possible that reproductive effects similar to
those seen in mice might occur in rats and dogs at or below the experimental NOAELSs for these
species if multigeneration studies were conducted. Another possibility is that trivalent arsenic may
be relatively more toxic in drinking water than food, which might be the case if there were significant
differences in rates of gastrointestinal absorption. If this can be shown to be the case, then benchmarks
based on media-specific studies would be appropriate. Because there is insufficient information to
determine which of these factors is responsible, the conservative approach would be to use the mouse
data to estimate the benchmarks for the wildlife species.



Table 7. Selected wildlife toxicity values for trivalent inorganic arsenic®®

NOAEL (as arsenic)

BW Food Water factor Dose c® C,® LD, NOAEL
Species (kg) factor f° ° LOAEL (mg/kg) (mg/kg) (ma/L) (mg As/kg) LD,
Mouse 0.030 0.18 0.25 5.0 mg/L + 0.1264“9 0.7 0.5® 39.4 0.002
0.06 mg/kg
White-footed mouse 0.022 0.155 0.3
Extrapolated from data for laboratory mice - 0.13¢ 0.88 0.45
Rat 0.35 0.05 0.13 500 62.5 38.5 15.1 0.21
Cotton rat 0.15 0.070 0.12
Extrapolated from data for laboratory rat - 6.2 88 515
Extrapolated from data for laboratory mouse - 0.08® 1.2 0.7
Dog 12.7 0.024 0.051 1.20 50 26
Red fox 4.5 0.1 0.084
Extrapolated from data for dog - 1.79 17 20
Extrapolated from data for laboratory mouse - 0.036" 0.36 0.43
Whitetail deer 56.5 0.031 0.065 >19.5
Extrapolated from data for laboratory rat — 1.49 455 214
Extrapolated from data for dog - 0.83% 26.8 12.6
0.02¢ 0.62 0.29

Extrapolated from data for laboratory mice —

* Numbers in parentheses refer to equations in text used to derive the values.
® Shaded values are experimentally derived.

¢ see Table 1.
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4.2 POLYCHLORINATED BIPHENYLS

PCBs occur in a variety of different formulations consisting of mixtures of individual
compounds. The most well-known of these formulations is the Aroclor series (i.e., Aroclor 1016,
Aroclor 1242, Aroclor 1248, Aroclor 1254, etc.). The Aroclor formulations vary in the percent
chlorine, and generally, the higher the chlorine content the greater the toxicity. This analysis will
focus on Aroclor 1254 for which chronic toxicity data are available for three species of wildlife.

4.2.1 Toxicity to Wildlife

Toxicity data for Aroclor 1254 are available for three species of wildlife: white-footed mice,
oldfield mice (Peromyscus poliontus), and mink (Table 8). In these species, the reproductive system
and developing embryos are adversely affected by both acute and chronic exposures. A dietary
LOAEL of 10 ppm was reported for white-footed mice (Linzey 1987). Using Eqg. 5, a body weight of
0.22 kg (Table 1) and a food consumption rate of 3.4 g/day (Table 1), the estimated NOAEL for this
species would be >0.155 mg/kg bw/day. A dietary LOAEL of 5 ppm was reported for oldfield mice
(McCoy et al. 1995). Using Eq. 5, a body weight of 0.014 kg (see Appendix A) and a food
consumption rate of 1.9 g/day (Appendix A), the estimated NOAEL for this species would be
>0.068 mg/kg bw/day. A dietary NOAEL of 1 ppm was reported for mink (Aulerich
and Ringer, 1977). Using a time-weighted average body weight of 0.8 kg (Bleavins et al. 1980) and
a food consumption rate of 110 g/day (137 g/kg bw/day x 0.8 kg bw; Bleavins and Aulerich 1981),
the NOAEL is 0.137 mg/kg/day.

4.2.2 Toxicity to Domestic Animals

No information was found in the available literature on the toxicity of Aroclor 1254 to domestic
animals.

4.2.3 Toxicity to Laboratory Animals

As shown in Table 9, laboratory studies have identified a dietary NOAEL of 5 ppm (= 0.4 mg/kg
bw/day) for rats exposed to Aroclor 1254 over two generations (Linder et al. 1974). Reported
LOAELSs are 4-10 times higher than the NOAEL, and the single-dose LD, is about 4000-fold higher
than the NOAEL. As shown by the dose levels that produce fetotoxicity during gestation, rabbits
appear to be less sensitive than rats.

4.2.4 Extrapolations to Wildlife Species

Experimentally derived and extrapolated toxicity values for Aroclor 1254 for representative
wildlife species are shown in Table 10. Empirical data are available for four species: laboratory rat
(Linder et al. 1974), white-footed mouse (Linzey 1987), oldfield mouse (McCoy et al. 1995) and mink
(Aulerich and Ringer 1977). Reproductive and/or developmental changes were the endpoints
evaluated in each of these studies. The calculated NOAELs are 0.4 mg/kg bw/day for the rat,
0.155 mg/kg bw/day for the white-footed mouse, 0.068 mg/kg bw/day for the oldfield mouse, and
0.137 mg/kg bw/day for mink. These data indicate that the laboratory rat is less sensitive to the
toxicity of Aroclor 1254 than white-footed or oldfield mice or mink.
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Table 8. Toxicity of Aroclor 1254 to wildlife

Concentration in Daily Dose Expos.
Species Food (mg/kg) Period Effect Reference
White-footed 400 ppm 62° 2-3 wk FEL, reprod. Sanders and
mouse Kirkpatrick 1975
200 ppm 317 60d LOAEL, Merson and
reproduction Kirkpatrick 1976
10 ppm 1.55° 18 mo LOAEL, Linzey 1987
reproduction
Oldfield mouse 5 ppm 0.68° 12 mo. LOAEL, McCoy et al. 1995
reproduction
Mink 6.5 ppm 0.89¢ 9 mo LCs, Ringer et al. 1981;
ATSDR 1989
2 ppm 0.38° 9 mo FEL/LOAEL, Aulerich and Ringer
0.28¢ fetotoxicity 1977
1 ppm 0.137¢ 5 mo NOAEL Aulerich and Ringer,
1977

* Estimated from Eq. 10 using a food factor of 0.155.

" See Appendix A for estimation procedure.
¢ Reported by ATSDR (1989); based on food intake of 150 g/day and mean body weight of 0.8 kg

4 Estimated a food consumption rate of 110 g/day and a body weight of 0.8 kg (as reported by Bleavins et al. 1980).

Table 9. Toxicity of Aroclor 1254 to laboratory animals

Concentration in  Daily Dose Exposure
Species Diet (mg/kg) Period E ffect Reference
Rat 1010 1 day LD;, Garthoff et al. 1981
50 ppm 4* During gestation =~ LOAEL, for Collins and Capen 1980
fetotoxicity
25 ppm 2° 104 week LOAEL, reduced NCI 1978,
survival ATSDR 1989a
20 ppm 1.6" 2 generations FEL/LOAEL, reduced Linder et al. 1974
litter size
5 ppm 0.4* 2 generations NOAEL Linder et al. 1974
Rabbit 10.0 During gestation =~ NOAEL for fetoxicity ~ Villeneuve et al. 1971
(28 days)
12.5 During gestation ~ FEL, fetal deaths Villeneuve et al. 1971

(28 days)

* Calculated using a food factor of 0.08 (see Table 1) and Eq. 10.



Table 10. Selected wildlife toxicity values for Aroclor 1254%°

Benchmarks
bw Food factor Water factor LOAEL NOAEL C; C, LD,, NOAEL/LD,,
Species (kg) f (4] (ppm diet) (mg/kg/d)  (mg/kg food) (mg/L) (mg/kg)
Rat (lab) 0.35 0.08 0.13 0.4 5.0 31 1,010 0.0004
Oldfield Mouse 0.014 B >0.068%
White-footed mouse 0.022 0.155 0.3 10 >0.155% 1.0 0.52
Extrapolated from oldfield mouse data - 0.061® 0.39 0.20@
Extrapolated from rat data - 0.8® 5.2e0 2.66%
Extrapolated from mink data - 0.34 2.2t 1.12¢»
Mink 0.80° 0.137 0.099 0.137% 1 0.71 1.25 0.06
Extrapolated from white-footed mouse data - 0.06“ 0.46% 0.63@
Extrapolated from oldfield mouse data - >0.025% 0.18w 0.25@
Extrapolated from rat data - 0.33 2.37% 3.29@
Cotton rat 0.15 0.07 0.12
Extrapolated from white-footed mouse data - >0.096% 1.37% 0.8@
Extrapolated from oldfield mouse data - 0.038® 0.54¢ 0.31@
Extrapolated from rat data - 0.49% 7.06% 4.126»
Extrapolated from mink data - 0.21 3.0w 1.73@
Whitetail deer 56.5 0.031 0.065
Extrapolated from white-footed mouse data - >0.022% 0.710 0.33@
Extrapolated from oldfield mouse data - 0.009¢ 0.28@ 0.13@
Extrapolated from rat data - 0.11% 3.64@ 1.71e
Extrapolated from mink data - 0.05“ 1.53w 0.72¢»

® Numbers in parentheses refer to equations in text.
® Shaded values are experimentally derived.
¢ TWA bw for females to 10 mo (reproductive maturity) (EPA 1988a).
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The most conservative benchmark for Aroclor 1254 would be the NOAEL for whitetail deer
(0.009 mg/kg bw/day) extrapolated from the data for the oldfield mouse. The NOAEL derived from
the mink data (0.05 mg/kg) may be more reliable because it was based on an experimentally derived
NOAEL, whereas the white-footed mouse value was based on an experimentally derived LOAEL.
However, because metabolism and physiology are more likely to be similar between an omnivore
(mouse) and an herbivore (deer) than between a carnivore (mink) and herbivore, the oldfield mouse
NOAEL may be a better estimate of toxicity to whitetail deer than the mink NOAEL.

5. SITE-SPECIFIC CONSIDERATIONS

The examples given in this report for trivalent inorganic arsenic and Aroclor 1254 illustrate the
extent of the analysis that is required for an understanding of the toxicity of environmental
contaminants to wildlife and for the development of benchmark values. For a complete risk
assessment at a particular site, similar analyses would be needed for all the chemicals present, as well
as information on their physical and chemical state, their concentration in various environmental
media, and their bioavailability. The last factor is especially important in estimating environmental
impacts. For example, insoluble substances tightly bound to soil particles are unlikely to be taken up
by organisms even if ingested. In addition, the chemical or valence state of a contaminant may alter
its toxicity such that the different chemical or valence states may have to be treated separately as in
the case of trivalent arsenic. Similar problems can be encountered with formulations consisting of
mixtures of compounds such as the Aroclors, and each may have to be evaluated separately, unless
the relative potency of each of the components can be determined.

For a site-specific assessment, information on the types of wildlife species present, their average
body size, and food and water consumption rates would also be needed for calculating NOAELSs and
environmental criteria. Use of observed values for food and water consumption (if available) are
recommended over rates estimated by allometric equations. A list of pertinent exposure parameters
(body weights, food and water consumption rates) for selected avian and mammalian species for the
DOE Oak Ridge site is given in Appendix B. Exposure information for additional wildlife species
may be found in the Wildlife Exposure Factors Handbook (EPA 1993a, 1993b). Because body size
of some species can vary geographically, the more specific the data are to the local population, the
more reliable will be the estimates. Data on body size are especially important in the extrapolation
procedure, particularly if calculations of the NOAEL and environmental concentrations are based
solely on the adjustment factor as shown in Eq. 4. In such cases the lowest NOAEL will be derived
from the species with the largest body size. Estimates of average body weights for wildlife species
used herein were obtained from the available literature (Appendix B, see also Table 1).

Table 11. Body size scaling factors

Experimental Animals Wildlife
Body Weight* Body weight” Scaling factor
Species (bw,, in kg) Species (bw,, in kg) (bw,/bw,)"
rat 0.35 short-tailed shrew 0.015 2.2
rat 0.35 white-footed mouse 0.022 2.0
rat 0.35 meadow vole 0.044 1.68
rat 0.35 cottontail rabbit 1.2 0.73

rat 0.35 mink 1.0 0.77
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Table 11. (continued)

Experimental Animals Wildlife
Body Weight* Body weight” Scaling factor
Species (bw,, in kg) Species (bw,, in kg) (bw,/bw,)"
rat 0.35 red fox 4.5 0.53
rat 0.35 whitetail deer 56.5 0.28
mouse 0.03 short-tailed shrew 0.015 1.19
mouse 0.03 white-footed mouse 0.022 1.08
mouse 0.03 meadow vole 0.044 0.91
mouse 0.03 cottontail rabbit 1.2 0.40
mouse 0.03 mink 1.0 0.42
mouse 0.03 red fox 45 0.29
mouse 0.03 whitetail deer 56.5 0.15

? Standard reference values used by EPA.
® From Appendix B.

Information on physiological, behavioral, or ecological characteristics of these species can also
be of special importance in determining if certain species are particularly sensitive to a particular
chemical or groups of chemicals. If one species occurring at a site is known to be unusually sensitive
to a particular contaminant, then the criteria should be based on data for that species (with exceptions
noted in the following paragraphs). Similarly, extrapolations from studies on laboratory animals
should be based on the most sensitive species unless there is evidence that this species is unusually
sensitive to the chemical.

Physiological and biochemical data may be important in determining the mechanism whereby
a species' sensitivity to a chemical may be enhanced or diminished. Such information would aid in
determining whether data for that species would be appropriate for developing criteria for other
species.

For example, if the toxic effects of a chemical are related to the induction of a specific enzyme
system, as is the case with PCBs, then it would be valuable to know whether physiological factors
(enzyme activity levels per unit mass of tissue or rates of synthesis of the hormones affected by the
induced enzymes) in the most sensitive species are significantly different from those of other species
of wildlife. Furthermore, if the most sensitive species, or closely related species, do not occur at a
particular site, then a less stringent criterion might be acceptable.

Physiological data may also reveal how rates of absorption and bioavailability vary with
exposure routes and/or exposure conditions. Gastrointestinal absorption may be substantially different
depending on whether the chemical is ingested in the diet or in drinking water. Therefore, a NOAEL
based on a laboratory drinking water study may be inappropriate to use in extrapolating to natural
populations that would only be exposed to the same chemical in their diet. The diet itself may affect
gastrointestinal absorption rates. In the case of the mink exposed to PCBs, a diet consisting primarily
of contaminated fish in which the PCBs are likely to be concentrated in fatty tissues may result in a
different rate of gastrointestinal absorption than that occurring in laboratory rodents dosed with PCBs
in dry chow.



24

Behavioral and ecological data might also explain differences in sensitivity between species.
Certain species of wildlife may be more sensitive because of higher levels of environmental stress to
which they are subjected. This may be especially true of populations occurring at the periphery of
their normal geographic range. Conversely, laboratory animals maintained under stable environmental
conditions of low stress may have higher levels of resistance to toxic chemicals.

As a first step in developing wildlife criteria for chemicals of concern at DOE sites, relevant
toxicity data for wildlife and laboratory animals have been compiled (Appendixes A and C). These
data consist primarily of NOAELs, LOAELs, and LD.s for avian and mammalian species. No
methodology is currently available for extrapolating from avian or mammalian studies to reptiles and
amphibians, and no attempt has been made to do so in this report. No pertinent data on nonpesticide
chemicals were found for amphibians, reptiles, or terrestrial invertebrates. Additional chronic
exposure studies are needed before toxicological benchmarks can be developed for these groups.

6. RESULTS

The results of the analyses are presented in Table 12 (NOAELs and LOAELS) (presented in
Appendix D). Because of the consistency of the body weight differences for the selected mammalian
wildlife species, the calculated NOAELs and LOAELSs exhibit about a 15-fold range between the
species of smallest body size (little brown bat) and that of the largest body size (whitetail deer). In
terms of dietary intake, the range in values is much less (2 to 3 fold) thereby indicating that equivalent
dietary levels of a chemical result in nearly equivalent doses between species because food intake is
a function of metabolic rate which, in turn, is a function of body size. However, according to EPA
(1980a), the correlation is not exact because food intake also varies with moisture and caloric content
of the food, and it should be noted that in laboratory feeding experiments, the test animals are usually
dosed with the chemical in a dry chow. Therefore, it would be expected that the food factor for a
species of wildlife would be relatively higher than that of a related laboratory species of comparable
body size, resulting in a lower dietary benchmark for wildlife species as compared to that for the
related laboratory species.

6.1 CHANGES IN BENCHMARKS

In this revision of the toxicological benchmarks for wildlife, new studies were selected as the
basis for the mammalian benchmarks for cadmium and selenium. The logic for the selection of the
new studies is outlined in the following sections.

6.2 CADMIUM

A total of six studies were evaluated for the revision of the cadmium benchmark (Schroeder and
Mitchner 1971, Baranski et al. 1983, Webster 1978, Wills et al. 1981, Machemer and Lorke 1981, and
Sutou et al. 1980a). Detailed summaries of the results of each study are listed in Appendix E. All
studies considered reproductive effects to rats or mice following oral exposure to cadmium salts.
Study durations extended from mating through gestation to up to 4 generations. Two studies report
only experimental NOAELs (Baranski et al. 1983, Webster 1978). Because these studies did not
identify a LOAEL, they were considered inadequate for benchmark derivation.
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The 1994 benchmark was based by Schroeder and Mitchner (1971). In this study, only one dose
level was administered and only an experimental LOAEL is reported. Using Eq. 7, a NOAEL was
estimated. Because this study considered only one dose level, requiring the estimation of the NOAEL,
it was considered inappropriate for benchmark derivation if high quality studies with both a NOAEL
and LOAEL are available. Experimental NOAELs and LOAELSs were observed in three studies (Wills
etal. 1981, Machemer and Lorke 1981, and Sutou et al. 1980a).

The 1995 cadmium benchmark was based on the results of Wills et al. (1981). The NOAELSs and
LOAELSs from this study were much lower than those from other studies, and when they were used
in risk assessments performed at Oak Ridge National Laboratory, the results indicated that cadmium
toxicity should be expected at uncontaminated background locations. Because exposures at
uncontaminated background locations are assumed to be nonhazardous, the results of Wills et al.
(1981) were believe to be too conservative and therefore inappropriate for benchmark derivation.

Both the remaining studies (Machemer and Lorke 1981, Sutou et al. 1980a) were considered
suitable for benchmark derivation (considered multiple dose levels, identified experimental NOAELs
and LOAELSs, and were greater than background exposure). Of the two studies, the lowest NOAELs
and LOAELSs were reported by Sutou et al. (1980a). To be conservative, the results of this study were
selected for derivation of the 1996 cadmium benchmark.

6.3 SELENIUM

A total of six studies were evaluated for the revision of the selenium benchmark (Schroeder and
Mitchner 1971, Rosenfeld and Beath 1954, Nobunga et al. 1979, Chiachun et al. 1991, Tarantal et al.
1991, and Chernoff and Kavlock 1982). Detailed summaries of the results of each study are listed in
Appendix E. All studies considered reproductive effects following oral exposure to organic or
inorganic selenium compounds. Study durations extended from mating through gestation to up to 3
generations. Two studies report only experimental NOAELSs (Nobunga et al. 1979, Chiachun et al.
1991). Because these studies did not identify a LOAEL, they were considered inadequate for
benchmark derivation.

Two studies report only experimental LOAELs (Schroeder and Mitchner 1971, Chernoff and
Kavlock 1982 ). In both studies, only one dose level was administered and only an experimental
LOAEL is reported. Because these studies considered only one dose level, requiring the estimation
of the NOAEL, they were considered inappropriate for benchmark derivation if high quality studies
with both a NOAEL and LOAEL are available. Experimental NOAELs and LOAELSs were observed
in two studies (Rosenfeld and Beath 1954, Tarantal et al. 1991).

Tarantal et al. (1991) exposed pregnant female long-tailed macaques to three dose levels of
selenomethionine for 30 days during gestation. While no adverse effects were observed at the lowest
dose level (0.025 mg/kg/d), fetal mortality was 30% and 20%, and adult toxicity was observed in the
0.15 and 0.3 mg/kg/d groups. Because the fetal mortality observed at the higher doses are within the
range observed among the macaque colony at large, they may not be the result of selenium toxicity.
Because a definitive LOAEL could not be established, this study was determined to be inappropriate
for benchmarks derivation.

In the last study, Rosenfeld and Beath (1954) exposed rats to 1.5, 2.5, or 7.5 mg selenium/L in
drinking water for two generations. While no adverse effects on reproduction were observed among
rats exposed to 1.5 mg /L in drinking water, the number of second-generation young was reduced by
50% among females in the 2.5 mg/L group. In the 7.5 mg/L group, fertility, juvenile growth, and
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survival were reduced. In addition, the LOAEL observed in this study is lower than the LOAELSs
observed by Schroeder and Mitchner (1971) and Chernoff and Kavlock (1982). Because the study by
Rosenfeld and Beath (1954) considered multiple dose levels over two generations and identified
experimental NOAELs and LOAELSs that were consistent with results of other studies, it was selected
as the most appropriate for derivation of the 1996 selenium benchmark.

7. APPLICATION OF THE BENCHMARKS

As stated in Sect. 1, ecological risk assessment is a tiered process. As part of the first tier or
screening assessment, toxicological benchmarks are used to identify COPCs and focus future data
collection. In the second tier or baseline assessment, toxicological benchmarks are one of several lines
of evidence used to determine if environmental contaminant concentrations are resulting in ecological
effects. In a screening assessment, general, conservative assumptions are made so that all chemicals
that may be present at potentially hazardous levels in the environment are retained for future
consideration. In contrast, in a baseline assessment, more specific assumptions are made so that an
accurate estimate of the contaminant exposure that an individual may experience and potential effects
that may result from that exposure may be made.

7.1 SCREENING ASSESSMENT

Screening assessments serve to identify those contaminants whose concentrations are sufficiently
high such that they may be hazardous to wildlife. The primary emphasis of a screening assessment
is to include all potential hazards while eliminating clearly insignificant hazards. To prevent any
potential hazards from being overlooked, assumptions made in a screening assessment are
conservative. NOAEL-based benchmarks are used in screening assessments because they are
conservative and represent maximum concentrations that are believed to be nonhazardous.
Exceedance of a NOAEL-based benchmark does not suggest that adverse effects are likely; it simply
indicates contamination is sufficiently high to warrant further investigation.

Questions that drive a screening assessment include (1) which media (water, soil, etc.) are
contaminated such that they may be toxic?, (2) what chemicals are involved? (which contaminants
are COPCs)?, (3) what are the concentrations and spatial and temporal distributions of these
contaminants?, and (4) what organisms are expected to be significantly exposed to the chemicals? To
answer these questions, diet, water, and combined food and water (for aquatic feeding species)
benchmark values are compared to the contaminant concentrations observed in the media from the
site. If the concentration of a contaminant exceeds the benchmark, it should be retained as a COPC.
By comparing contaminant concentrations from several locations within a site to benchmarks for
several endpoint species, the spatial extent of potentially hazardous contamination, which media are
contaminated, and the species potentially at risk from contamination may be identified.

In a screening assessment, it is generally assumed that wildlife species reside and therefore
forage and drink exclusively from the contaminated site. That is, approximately 100% of the food and
water they consume is contaminated. While this assumption simplifies the assessment, due to the
mobility and the diverse diets of most wildlife, it is likely to overestimate the actual exposure
experienced. It should be remembered, however, that the purpose of the screening assessment is to
identify potential risks and data gaps to be filled. Once these data gaps are filled, a definitive
evaluation of risk may be made as part of the baseline assessment.



